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Abstract

Lakes developing in former coal mine pits are often characterized by high concentrations of sulfate and iron and low pH. The
review focuses on the causes for and fate of acidity in these lakes and their watersheds. Acidification is primarily caused by the
generation of ferrous iron bearing and mineralized groundwater, transport through the groundwater–surface water interface, and
subsequent iron oxidation and precipitation. Rates of acidity generation in mine tailings and dumps, and surface water are often
similar (1 to >10 mol m−2 yr−1). Weathering processes, however, often suffice to buffer groundwaters to only moderately acidic or
neutral pH, depending on the suite of minerals present. In mine lakes, the acidity balance is further influenced by proton release
from transformation of metastable iron hydroxysulfate minerals to goethite, and proton and ferrous iron sequestration by burial of
iron sulfides and carbonates in sediments. These processes mostly cannot compensate acidity loading from the watershed, though.
A master variable for almost all processes is the pH: rates of pyrite oxidation, ferrous iron oxidation, mineral dissolution, iron
precipitation, iron hydroxide transformation, and iron and sulfate reduction are strongly pH dependent. While the principle
mechanism of acidity generation and consumption and several controls are mostly understood, this cannot be said about the fate of
acidity on larger spatial and temporal scales. Little is also known about critical loads and the internal regulation of biogeochemical
iron, sulfur, and carbon cycling in acidic mine lakes.
© 2006 Elsevier B.V. All rights reserved.
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1. Introduction

Many acidified lakes have formed in ore mine pits
and strip mines in North America and Central Europe
since the 1990s, owing to the economic end of mining or
the exploitation of existing resources (Eary, 1999; Geller
et al., 1998; Miller et al., 1996). In addition, many
natural lakes have been reported to be polluted by acid
mine drainage (AMD) (e.g. Herlihy and Mills, 1985;
Kaufmann et al., 1992). Consequently, several overview
⁎ Tel.: +49 921 552223; fax: +49 921 552366.
E-mail address: christian.blodau@uni-bayreuth.de.

0048-9697/$ - see front matter © 2006 Elsevier B.V. All rights reserved.
doi:10.1016/j.scitotenv.2006.05.004
papers called for an investigation of the geochemistry
and biogeochemistry of these environments as a
prerequisite for effective management and remediation
strategies (Klapper and Schultze, 1995; Miller et al.,
1996). The ensuing studies now allow for a more
accurate analysis of the mechanisms of acidification and
neutralization than possible only a few years ago.

Acidification of lakes can be induced by a variety of
processes in their watersheds, for instance the release of
organic acids from incomplete mineralization, organic
matter accumulation, natural mineral weathering in
weakly buffered catchments, and acidic atmospheric
deposition (Schnoor and Stumm, 1985). In post-mining
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landscapes, acidification of lakes is primarily caused by
AMD after oxidative weathering of metal sulfides
(Bonnissel-Gissinger et al., 1998; Nordstrom, 2000;
Singer and Stumm, 1970). The pollution of surface
waters by AMD is a world wide problem (Young, 1992;
Younger, 1992), and basically occurs anywhere where
coal or sulfidic ores are mined. Occasionally, this
process is also observed in natural environments
(Schwertmann et al., 1995).

Several reviews and books have been written about
AMD related issues. To mention are the books edited
by Alpers and Blowes (1994), Jambor and Blowes
(1994), and Plumlee and Logsdon (1999), which cover
basic principles, mineralogy, hydrogeology, analytical
and remediation techniques, as well as case studies on
the environmental geochemistry of mineral deposits. A
survey of mine water related environmental issues in
European countries has been collated in a series of
special issues edited by Wolkersdorfer and Bowell
(2003), and information about many case studies and
several more technically oriented reviews are provided
in the book edited by Younger and Robins (2002a,b).
The review by Evangelou and Zhang (1995) is
primarily concerned with the mechanisms of pyrite
oxidation and oxidation prevention. Nordstrom (2000)
reported recent advances in the hydrogeochemistry
and microbiology of acid mine waters. Plant life in
extremely acidic waters have recently been reviewed
by Nixdorf et al. (2001), and geochemical and
equilibrium trends in mine pit lakes by Eary (1999),
Shevenell et al. (1999) and Bowell (2002). Microbial
processes in the sediments have been focussed on by
Küsel (2003).

The objective of this review is to collate and
synthesize recent scientific progress regarding acidity
generation and consumption in watersheds and lakes
polluted by AMD, primarily from coal mining. To these
ends, acidity is defined, and rates and mechanisms of
acidity generation and consumption in tailings, dumps,
aquifers, surface waters, and sediments are discussed.
Some emphasis is placed on case studies from coal
mining regions in Eastern Germany; however, the
author believes that much of the information provided
will also be useful regarding other types of mining and
other regions.

2. Acidity and alkalinity in AMD polluted waters

Acidity and alkalinity, i.e. acid and base neutralizing
capacity, can be defined in a variety of ways that depend
on the chemical composition of a water and the
intentions of the investigator (Stumm and Morgan,
1996; Morel and Hering, 1993). In general terms, the
concept aims at quantifying proton deficiency and excess
in a water sample relative to a chosen reference state. Of
particular importance for quantification of acidity and
alkalinity is thus the – operationally defined – reference
pH, which stipulates the reference state for the acid–base
species that may be considered. For carbonate dominated
systems, the well known definitions of CO2- alkalinity
and CO2- and H-acidity can be derived:

AlkðCO2Þ ¼ 2½CO2−
3 � þ ½HCO−

3 �−½OH−� þ ½Hþ�;

AcðHCO3−Þ ¼ ½H2CO3� þ ½Hþ�−½OH−�
and

AcðHþÞ ¼ −AlkðCO2Þ:

These definitions are not adequate to describe proton
deficiency and excess in acidic and metal-rich waters. In
case studies on acidity generation and consumption,
however, the definition of acidity and alkalinity used is
not always stated, potentially causing confusion about
the meaning of ‘acidity’ generation and consumption. A
clear definition of the concept is thus necessary,
stipulating a reference pH and appropriate reference
states. As reference pH, the equivalence point of HCO3

−,
i.e. the pH of a NaHCO3 solution (pH 8.3; Ctot =10

−4-

mol L−1) may be kept because it lies in a range typical
for many hardwater lakes. Given the composition of
AMD polluted waters, the relevant iron, sulfur,
aluminium, and other metal species need to be included
in the definition. Furthermore, precipitation of hydro-
xides should be included because iron and aluminium
are often in thermodynamic equilibrium with solid
phases in these waters, as will be discussed below.
Therefore, the hydroxides constitute the reference states
for iron and aluminium at the reference pH. As this
review focuses on lake water as a receptor for acidity, it
is further useful to define the oxic lake water as a
reference space. This is important because reduced,
more soluble species that enter a lake from an adjacent,
more reduced compartment will be oxidized and
precipitate as hydroxide. These considerations are in
agreement with the following definition:

AcðHCO−
3 Þ ¼ 2½Fe2þ� þ 3½Fe3þ� þ 2½FeðOHÞ2þ�

þ ½FeðOHÞþ2 � þ 3½Al3þ� þ 2½AlðOHÞ2þ�
þ ½AlðOHÞþ2 � þ ½H2S� þ ½Hþ� þ ½HSO−

4 �
þ ½H2CO3�−½S2−�−½NH3�−½OH−�
−½FeðOHÞ−4 �−½AlðOHÞ−4 �:
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Acidity in this context subsumes both homogenous
and heterogeneous reactions, assuming FeOOH, Al
(OH)3, HCO3

−, H2O, NH4
+, HS−, and SO4

2− and H2O as
reference states, and the oxic lake water as reference
space. Other relevant elements may be included in the
same manner. It is important to note that the nature of the
precipitates has to be considered for each system, as the
stoichiometric coefficients of the metal species may
change and thus alter the acidity definition.

3. Acidity generation and consumption in the
watershed

3.1. Primary geochemical and biogeochemical
processes

3.1.1. Pyrite occurrence and oxidation
Iron sulfides are commonly associated with metal

ores and coal, predominantly in form of pyrite (FeS2), or
the less abundant and stable marcasite, which may form
at lower pH and possibly lower sulfur concentration
(Ward, 2002). In ores, often also pyrrhotite (Fe1−xS) and
other metal sulfides, such as sphalerite (ZnS), galena
(PbS), chalkopyrite (CuFeS2), and arsenopyrite (FeAsS)
occur in appreciable quantities (Ljungberg and Öhlan-
der, 2001; Plumlee et al., 1999). Pyrite contents in the
overburden and mine wastes associated with lignite
mining ranged from 0.1% and 5% (weight) in various
pyrite oxidation and AMD case studies (Knöller et al.,
2004; Ludwig and Balkenhol, 2001; Ludwig et al.,
1999; Rolland et al., 2001; Seoane and Leiros, 1997;
Wisotzky and Obermann, 1995). Contents are often
substantially higher in ore mining areas (e.g. Strömberg
and Banwart, 1994; Yanful et al., 1999) and may reach
85% (weight) in mine tailings at some sites (Blowes et
al., 1991). For lignite, a global average sulfur content of
2.1±4.99% (s.d.) weight was determined, and sulfur
contents of 0.5% to 3% are most common in major coal
fields (Bouska and Pesec, 1999; Greb et al., 2002; Dai et
al., 2002).

The variation in sulfur content has been linked to the
depositional and diagenetic conditions during peat and
coal formation. Sulfur content tends to increase with
marine influence during peat formation and to decrease
with ombrothrophy, i.e. restriction to atmospheric sulfur
input (Greb et al., 2002; Dai et al., 2002 and references
therein). As a result, sulfur contents vary among
stratigraphic units and spatially within and between
coal fields (Bouska and Pesec, 1999; Greb et al., 2002;
Dai et al., 2002). On a smaller scale, pyrite primarily
occurs above and below coal seams and it is often, but
not always, concentrated in clusters and scattered
pockets (Evangelou and Zhang, 1995). The spatial
distribution is influenced by the mechanism of pyrite
formation, which can be syngenetic or epigenetic, i.e.
precede or follow the diagenesis of coal seams.
Epigenetic pyrite formation, which may be caused by
hydrothermal activity, results in a more discontinuous
distribution of pyrite, for example in veins (Ward,
2002). At individual sites, contents may further decrease
with increasing average grain size of coal bearing strata
(Rolland et al., 2001).

Pyrite oxidation takes place when the mineral is
exposed to water and air. To a certain extent, oxidation is
thus inevitable following the relocation of pyrite bearing
materials to mine dumps or tailings, or the dewatering of
aquifers during mining operations (Fig. 1). The process
of pyrite oxidation is complex and involves both
chemical and biological mechanisms, as well as a
number of controls. It has, however, been conceptual-
ized by three basic processes (Table 1, Eqs. (1)–(3)). As
a first step, pyrite is oxidized by oxygen, either
chemically or by microbial mediation. The chemical
oxidation is fairly slow, which has been attributed to the
low affinity of molecular oxygen to the pyrite surface
(Luther, 1987). The microbially mediated process may
begin with the dissolution of pyrite by attached
Thiobacilli ferrooxidans. Subsequently, dissolved sul-
fide is enzymatically oxidized (Konishi, 1990). The
process is further accelerated by the formation of
elemental sulfur on pyrite surfaces (Mustin et al.,
1993). Kinetically faster compared to oxidation of
pyrite by oxygen is the oxidation by dissolved ferric iron
(Luther, 1987; Table 1, Eq. (2)), which predominates
probably even at circumneutral pH (Moses and Herman,
1991; Moses et al., 1987). Critical for the rate of pyrite
oxidation is thus the supply of ferric iron from ferrous
iron oxidation by oxygen (Table 1, Eq. (3)). At high pH
values, ferrous iron is chemically rapidly oxidized and
pyrite oxidation may be maintained without biological
mediation (Singer and Stumm, 1970). At low pH values,
microbially mediated oxidation of ferrous iron by
acidophilic lithoautotrophic bacteria, such as Acidithio-
bacillus ferrooxidans (Pronk and Johnson, 1992),
Thiobacillus ferrooxidans and Leptospirillum ferroox-
idans (Johnson, 1993) predominates. Microbial media-
tion can decrease the half-life of ferric iron from about
1000 days to 20–1000 min, hence increase the reaction
rate by a factor 106 at pH 3 (Singer and Stumm, 1970).

Chemical and microbial pyrite oxidation are directly
controlled by the mineral and crystal type (Malmström
et al., 2000) and by particle size, i.e. mass normalized
surface area (Strömberg and Banwart, 1999). Among a
variety of morphologies, such as framboids, octahedral



Fig. 1. Schematic of processes and controls involved in acidity generation and consumption in mine dumps and lakes. Controls (italics) are
enumerated for the processes on the left hand side. For further description see text.
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and cubic crystals, and conglomerates with irregular
surfaces, the small, polycrystalline framboids are
particularly susceptible to oxidation owing to their
porosity and large surface area (Evangelou and Zhang,
1995). Oxidation rates increase with partial pressure of
oxygen (Williamson and Rimstidt, 1994) and tempera-
ture (Jaynes et al., 1984), and are furthermore controlled
by the pH (Bonnissel-Gissinger et al., 1998; Williamson
and Rimstidt, 1994), and concentrations of ferric iron
and ferrous iron (Williamson and Rimstidt, 1994).
Siderophores may facilitate pyrite oxidation by transfer
of electrons from dissolved ferric iron to pyrite surfaces
(Peiffer and Stubert, 1999). Accelerated pyrite oxidation
also ensues from presence of CO2 or HCO3

−, which form
ferrous bicarbonate complexes on pyrite surfaces and
facilitate the abiotic oxidation of ferrous iron to ferric
iron (Evangelou et al., 1998). This effect may, for
example, occur as a consequence of AMD neutralization
by carbonate addition to AMD generating materials.
Surface coatings with ferric oxyhydroxides can, in
contrast, reduce the rate due to physical protection and
immobilization of Fe3+ (Evangelou and Zhang, 1995;
Nicholson et al., 1988, 1990).

Oxidant fluxes often constrain pyrite oxidation in
mine tailings and overburden dumps. Oxygen is
included during tipping of dumps (Rolland et al.,
2001), but otherwise it has to be transported to the
reaction front, which advances from the exposed tailing
or dump surface downwards (Blowes and Jambor, 1990;
Blowes et al., 1991; Ljungberg and Öhlander, 2001). A
limitation of pyrite oxidation by supply of oxidants may
then occur around individual pyrite grains (Davis and
Ritchie, 1986; Elberling et al., 1994; Wunderly et al.,
1996), and in entire strata owing to water saturation
(Elberling and Damgaard, 2001) and development of
cemented layers (Blowes et al., 1991; Gilbert et al.,
2003). Application of soil or clay covers and capillary
barriers have a similar effect (Carlsson et al., 2003;
Yanful et al., 1999; Bussiere et al., 2004). Pyrite
oxidation rates were reduced by up to 99.8% in
predictions for a 100 year period using reactive transport
modeling and assuming coverage by water and fine-
grained, low-sulfur waste materials (Romano et al.,
2003). Decreases in moisture content can potentially
slow down iron sulfide oxidation as well (Wunderly et
al., 1996).

The spatial distribution of pyrite in geologic
materials may also play a role for pyrite oxidation
rates. Gerke et al. (2001) suggested that a heterogeneous
distribution of sulfides slows the oxidation, based on
results from 2D reactive transport modeling of a mine
dump. Rolland et al. (2001) estimated in a case study
that over the operation of a coal strip mine the majority
of pyrite was oxidized on dump surfaces. The oxidation
process is hence strongly influenced by the mining
technology used (Rolland et al., 2001; Wisotzky and
Obermann, 2001).

The outlined controls are partly reflected in published
rates of in situ pyrite oxidation. At an ore mining site in
Baffin Island, Canada, pyrite oxidation rates decreased
by a factor of 3 in a chronosequence of mine tailings
covering a period of 7 years and decreased by two orders



Table 1
Selected processes causing changes in acidity of mine waters

Processes involved in acidity generation

I Redox reactions Stoichiometry
(1) Pyrite oxidation FeS2 þ 3:5O2 þ 3H2O⇒Fe2þ þ 2SO2−

4 þ 2Hþ

(2) Pyrite oxidation FeS2 þ 14Fe3þ þ 8H2O⇒15Fe2þ þ 2SO2−
4 þ 16Hþ

(3) Ferrous iron oxidation Fe2þ þ 0:25O2 þ Hþ⇒Fe3þ þ 0:5H20

(4) Pyrrhotite oxidation FeS þ 2O2⇒Fe2þ þ SO2−
4

(5) Sulfur oxidation Sð0Þ þ 1:5O2 þ H2O⇒2Hþ þ SO2−
4

(6) Chalcopyrite oxidation CuFeS2 þ 4O2⇒Cu2þ þ Fe2þ þ 2SO2−
4

(7) Sphalerite oxidation ZnS þ 2O2⇒Zn2þSO2−
4

II Heterogeneous reactions — precipitation (secondary)
(8) Ferrihydrite FeðOHÞ3 þ 3Hþ⇔Fe3þ þ 3H2O pKs=−4.812

(9) Jurbanite Al3þ þ SO2−
4 þ H2O⇔AlOHSO4 þ Hþ pKs=3.8

(10) Alunite Kþ þ 3Al3þ þ 2SO2−
4 þ 6H2O⇔KAl3ðSO4Þ2ðOHÞ6 þ 6Hþ pKs=1.4

2

(11) K-Jarosite Kþ þ 3Fe3þ þ 2SO2−
4 þ 6H2O⇔KFe3ðSO4Þ2ðOHÞ6 þ 6Hþ pKs=9.21

2

(12) H-Jarosite 3Fe3þ þ 2SO2−
4 þ 6H2O⇔HFe3ðSO4Þ2ðOHÞ6 þ 5Hþ pKs=5.39

4

(13) Schwertmannite Fe8O8ðOHÞxðSO4Þy þ ð24−2yÞHþ⇔8Fe3þ þ ySO2−
4 þ ð24−2y þ xÞ=H2O pKs=−18

±2.51; 10.5
±2.53

(14) Goethite FeOOHþ 3Hþ⇔Fe3þ þ 2H2O pKs=−1.41

(15) Melanterite Fe2þ þ SO2−
4 þ 7H2O⇔FeSO447H2O pKs=2.46

6

(16) Gibbsite Al3þ þ 3H2O⇔AlðOHÞ3ðsÞ þ 3Hþ pKs=−8.04

(17) Siderite Fe2þ þ CO2ðgÞ þ H2O⇔FeCO3 þ 2Hþ pKs=−10.45

(18) Rhodotrosite Mn2þ þ CO2ðgÞ þ H2O⇔MnCO3 þ 2Hþ

(19) Gypsum Ca2þ þ SO2−
4 þ 2H2O⇔CaSO442H2O pKs=4.58

2

III Mineral transformation
(20) Schwertmannite8–goethite Fe8O8ðOHÞ5:5ðSO4Þ1:25ðsÞ þ 2:5H2O⇔8FeOOHðsÞ þ 2:5Hþ þ 1:25SO2−

4

Processes involved in consumption of acidity

I Heterogeneous reactions — dissolution
(21) Calcite 6:4 < pH < 10:4 : CaCO3 þ Hþ⇔Ca2þ þ HCO−

3

(22) Calcite pH < 6:4 : CaCO3 þ 2Hþ⇔Ca2þ þ CO2ðgÞ
(23) Dolomite 6:4 < pH < 10:4 : MgCaðCO3Þ2 þ 2Hþ⇔Ca2þ þMg2þ þ 2HCO−

3

(24) Dolomite 6:4 < pH < 6:4 : MgCaðCO3Þ2 þ 4Hþ⇔Ca2þ þMg2þ þ 2CO2ðgÞ þ 2H2O

(25) Biotite KðMg;FeðIIÞÞ3AlSi3O10ðOHÞ2ðsÞ þ 7Hþ⇔Kþ þ 3ðMg2þ; Fe2þÞ þ AlðOHÞ3ðsÞ þ 3SiO2ðsÞ þ 3H2O

(26) Plagioclase Na0:7Ca0:3Al1:3Si2:7O8ðsÞ þ 1:3Hþ þ 1:3H2O⇔0:3Ca2þ þ 0:7Naþ þ 1:3AlðOHÞ3ðsÞ þ 2:7SiO2ðsÞ
þ 3H2O

(27) Orthoclase KðFeðIIÞ1:5Mg1:5ÞAlSi3O10OH2ðsÞ þ 7Hþ þ 3:75H2O þ 0:375O2ðaqÞ⇔Kþ þ 1:5Mg2þ þ Al3þ

þ 3H4SiO4 þ 1:5FeðOHÞ3ðsÞ

II Cation exchange
(28) Iron Ca–XðsÞ þ Fe2þ⇔Fe–X þ Ca2þ

(29) Protons Ca–XðsÞ þ Hþ⇔H–X þ Ca2þ

(continued on next page)
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Table 1 (continued)

Processes involved in acidity generation

III Redox/precipitation reactions
(30) Pyrrhotite formation 2:25 < CH2O > þFeOOHþ SO2−

4 þ 2Hþ⇒FeS þ 2:25CO2 þ 3:75H2O

(31) Sulfur formation 1:5 < CH2O > þSO2−
4 þ 2Hþ⇒S- þ 1:5CO2 þ 2:5H2O

(32) Pyrite formation 3:75 < CH2O > þFeOOHþ 2SO2−
4 þ 4Hþ⇒FeS2 þ 3:75CO2 þ 6:25H2O

(33) Sulfate reduction SO2−
4 þ 2 < CH2O > þ2Hþ⇒H2S þ 2CO2 þ 2H2O

(34) Iron reduction FeðOHÞ3 þ 1=4 < CH2O > þ2Hþ⇒Fe2þ þ 1=4CO2 þ 11=4H2O

Source: 1Bigham et al. (1996b); 2Parkhurst (1995); 3Yu et al. (1999); 4Ball and Nordstrom (1991); 5Nordstrom (1982); 6Lindsay (1979); 8example
composition.
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of magnitude along a transect from unsaturated to
submersed tailings (Elberling et al., 2003). Seasonal
differences in acid mine drainage fluxes related to
changes in water contents of the unsaturated zone of
lignite mine dumps have also been reported (Knappe et
al., 2004). Collated results suggest that in mine tailings
and dumps containing <5% pyrite, initially ≥10 mol S
m−2 yr−1 are released and that rates decrease to 1–
10 mol S m−2 yr−1 after several decades (Table 2). In
unsaturated and pyrite rich tailing deposits, rates may, in
contrast, reach hundreds of moles of S per m−2 yr−1

(Table 2).

3.2. Secondary geochemical and biogeochemical
processes

The chemical composition of groundwater polluted
by AMD is further affected by “secondary” processes
along the flow path (Fig. 1). These processes encompass
homogenous chemical reactions close to thermodyna-
mic equilibrium (complexation), heterogeneous chem-
ical reactions being often in disequilibrium (mineral
Table 2
Examples of iron sulfide oxidation rates in mine tailings and dumps

Rate
(mol S m−2 yr−1)

Deposit Saturation

1040 Ore tailing No
440 Ore tailing No
250–350 Ore tailing No
43 Coal dump No
25 Coal dump No
12.8–14.6 Ore tailing Yes
10 Coal dump No
1.9–4.9 Coal dump No
2 Coal dump No
1 Coal dump No
0.43 Ore tailing No

(1) Elberling and Damgaard (2001); (2) Yanful et al. (1999); (3) Wilden et al.
Ljungberg and Öhlander, 2001.
precipitation and dissolution), and microbially mediated
redox processes (Alpers and Nordstrom, 1999).

3.2.1. Complexation
The role of homogeneous complexation reactions in

acid mine drainage is tractable to chemical equilibrium
modeling (reviewed in Nordstrom, 2000; Nordstrom
and Alpers, 1999). The reactions are kinetically fast, and
speciation adjusts rapidly to changes in geochemical
forcing. Complexation of metal cations changes both
transport characteristics and precipitation behaviour of
metals and ligands, and potentially also alters pH,
because many complexes possess acid–base properties.
In AMD polluted groundwater, concentrations of
ferrous iron and sulfate are often in the range of tens
of millimoles in dumps of coal deposits, and even higher
in tailings associated with ore deposits. As a conse-
quence, a substantial part of the dissolved iron and
aluminum is present as sulfate complexes, particularly
when the pH is acidic (Alpers and Nordstrom, 1999).

Complexation of ions at reactive surfaces also occurs
in dump and tailing materials and provides a mechanism
FeS/FeS2
content (%)

Age Source

40–85 ‘Fresh’ (1)
40–85 ‘Old’ (1)
26 – (2)
<1% – (3)
<1% 6 (4)
40–85 ‘Fresh’–‘old’ (1)
<1% 19 (4)
<1% 43 (av.) (5)
<1% 50 (4)
<1% 27 (4)
<5% 50 (6)

(2001); (4) Schaaf (2001); (5) Rolland et al., 2001; (6) recalculated after
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for the retention of acidity (Balkenhol et al., 2001; Hoth
et al., 2001; Ludwig et al., 2001; Strömberg and
Banwart, 1999). Instructive in this respect is, for
instance, the column experiment by Ludwig et al.
(2001) using weakly pyritic (0.5% weight), kaolinite-
(45% weight) and illite-(43% weight) rich dump
materials. Over a 2-year period, natural precipitation
rates were applied to the columns. A total of 94 mmol
H+ kg−1 were released. Surface complexation and ion
exchange buffered 20 mmol H+ kg−1, whereas only
3.6 mmol H+ kg−1 were buffered by Al release due to
silicate weathering.

3.2.2. Weathering
The dissolution of carbonates and silicates changes

the chemical composition of groundwater by consuming
protons and releasing metal cations, in particular Ca2+,
Mg2+, K+, and Al3+. A number of carbonate minerals
might contribute to the neutralization of acidity. Calcite,
dolomite, and magnesite (MgCO3) have the highest
neutralization potential, followed by carbonates that
contain various amounts of oxidizable cations, such as
ankerite (e.g. Ca0.5Fe(x…y)Mg(y…x)CO3), and magne-
sian siderite (Fe(x…y)Mg(y…x)CO3; Paktunc, 1999).
Dissolution of iron carbonates is acidity neutral in terms
of the given definition because protons are exchanged
for ferrous iron. The neutralization potential of silicates
varies according to their stoichiometric composition and
the products of silicate dissolution, because secondary
clay minerals, such as montmorillonite and kaolinite,
may form (Sherlock et al., 1995). Most protons per
formula unit of the mineral can be buffered in case of
congruent, i.e. complete, dissolution. Carbonate and
silicate weathering further differ with respect to
characteristic pH values that develop in the buffered
waters. Values of pH attained by silicate weathering are
generally lower because the process releases dissolved
Fe3+, Mn2+, and Al3+. The dissolved metals contribute
to acidity and proton load by re-precipitation as
hydroxides (Hammarstrom et al., 2005; Totsche et al.,
2004) and by deprotonation of aquocomplexes in the pH
range of 2–5 (e.g. Stumm and Morgan, 1996, p. 273).

Weathering rates are controlled by a number of
factors. Surface-normalized dissolution rates of carbo-
nates are directly controlled by pH (Lund et al., 1973;
Plummer and Busenberg, 1982), which is reflected in
first-order kinetic laws of carbonate dissolution that
have been established (Eq. (35), Appendix). A raise in
pH from 0 to 5 decreased the dissolution rate by about 4
orders of magnitude (Gautelier et al., 1999). Tempera-
ture changes had smaller and concentrations of Ca2+ and
Mg2+ little to no effect on the dissolution rate. A strong
pH dependency of silicate dissolution was also demon-
strated (White and Brantley, 1995, and references
therein). Particle size, i.e. mineral surface area, further
controls metal sulfide, carbonate, and silicate dissolu-
tion rates (Strömberg and Banwart, 1999). In the
authors' study more than 80% of the sulfide and silicate
dissolution was contributed by particles with diameters
<0.25 mm.

Dissolution rates of pyrite, carbonate minerals, and
silicates further differ under standardized conditions,
when normalized to mineral surface area. At pH 5 and
25 °C, pyrite oxidation rates were determined as about
10−9 mol m−2 s−1 (Williamson and Rimstidt, 1994, and
references therein), whereas calcite and dolomite
dissolution rates were found to be about three order of
magnitude faster (10−5–10−6 mol m−2 s−1; Chou et al.,
1989; Gautelier et al., 1999). Dissolution rates of
various silicates were 2–3 orders of magnitude slower
than pyrite oxidation rates (10−12–10−13 mol m−2 s−1;
Sverdrup, 1990; White and Brantley, 1995, and
references therein). Similar differences between pyrite
and silicate weathering rates were also found using
tailing materials in batch, column, and field investiga-
tions (Malmström et al., 2000).

If similar surface areas of these minerals are present,
water discharging from a pyrite oxidation front may thus
attain a near-neutral pH in the presence of carbonates,
and otherwise acidify. Differently stated, much longer
residence times and flow distances are required for
effective buffering of protons in carbonate-free aquifer
materials. This simple concept is adequate for a
qualitative prediction of groundwater pH in many
cases. Circumneutral pH values have been reported
from carbonate rich dumps, tailings, and aquifers in ore
and coal mining areas (e.g. Elberling and Damgaard,
2001; Hoth et al., 2001; Mayo et al., 1992, 2000;
Rolland et al., 2001; Wirries and McDonnell, 1983). In
the absence of carbonates, pH values in dump and
tailings were lower and more variable. Values of pH
typically ranged from 3.5 to 5.5 in the water saturated
dumps of lignite mines devoid of carbonates (Bozau and
Strauch, 2002; Werner et al., 2001) and values of 0.8 and
2.4 were determined in incubation and column studies
(Balkenhol et al., 2001; Ludwig et al., 2001; Seoane and
Leiros, 1997). If carbonate contents are low, such
predictions are likely unsuccessful, though. Awide span
of pH values (3.8–7.4) was, for instance, determined in
water saturated coal mining dumps that were character-
ized by low carbonate (0.01 wt.%) and variable pyrite
contents (Wisotzky and Obermann, 2001).

While laboratory studies have been useful to interpret
geochemical patterns in field investigations, the
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appropriate application and extrapolation of laboratory
derived knowledge remains a somewhat open question.
In laboratory based batch or column studies weathering
rates were much larger than in situ (Malmström et al.,
2000; Salmon and Malmström, 2004). The extrapolation
of laboratory studies is, therefore, very likely inaccurate.
In some cases, a correction of rates can be accomplished
using scaling factors that account for factors such as
temperature, pH, mineral content, hydrological flow
paths, and particle size distribution (Malmström et al.,
2000). Eq. (36) (Appendix), provides an example how
batch-scale chemical reaction rates can be extrapolated
to column- or field-scale conditions. However, such an
approach is limited by the spatial and mineralogical
heterogeneity of acidity sources and sinks in the field.
The modeling study by Salmon and Malmström (2004)
showed that scaling approaches may not be successful.
Rates in the field were still systematically and
consistently overestimated by extrapolation of batch-
scale experiments, even if corrected by Eq. (36),
(Appendix).

3.2.3. Precipitation
The precipitation and mineralogy of secondary

minerals has been reviewed in great detail (e.g. Alpers
and Nordstrom, 1999; Cornell and Schwertmann, 1996;
Hammarstrom et al., 2005) and is only briefly
summarized. With respect to the acidity balance of
mine lakes, the formation of secondary minerals in
groundwater is important since these processes seques-
ter metals and sulfate. They also change the ratio of
protons to metals in the acidity that is discharged
(Hammarstrom et al., 2005; Table 1), and potentially
reduce the trace metal load by co-precipitation with
ferric iron hydroxides (e.g. Davis, 2003). In comparison
to the dissolution of minerals, precipitation is on average
kinetically faster and often attains a thermodynamic
equilibrium with respect to particular phases (Nord-
strom and Alpers, 1999).

In terms of acidity balances, a number of different
cases have to be distinguished. Precipitation of ferrous
iron or aluminum with the anion of a strong acid, such as
H2SO4, for example as the mineral melanterite
(FeSO4·7H2O) or halotrichite (Fe(Al2(SO4)4·22H2O),
decreases the acidity load in the pH range of 2.5 to 3.5
(Table 1, Eq. (15)). Since these precipitates are quite
soluble, they are likely to precipitate only in heavily
AMD polluted aquifers (Blowes et al., 1991), and
otherwise occur as a product of evaporation of acid mine
solutions (Nordstrom and Alpers, 1999). Precipitation of
ferrous iron or aluminum with anions of weak acids is
acidity-neutral under acidic conditions because the
anion is present in its protonated form. If carbonates
precipitate for instance, >90% of the carbonate is
present as carbonic acid and dissolved CO2 at pH values
below 5.4. Ferrous iron is thus almost quantitatively
exchanged for two protons. Precipitation of oxidized
metal species as hydroxides or hydroxysulfates, e.g. as
ferrihydrite or schwertmannite, does not change the
acidity concentration according to the definition pre-
sented, but also results in a proton gain of the
discharging water (Table 1, Eqs. (8), (13)). Noteworthy
is also the precipitation of gypsum (CaSO4·2H2O, Table
1, Eq. (19). Gypsum frequently precipitates in coal mine
dumps and dump materials (Ludwig et al., 2001;
Wisotzky and Obermann, 2001), in ore tailings (Blowes
and Jambor, 1990), and also in discharging surface
waters of ore deposits (Hammarstrom et al., 2005).
Although less important in terms of the acidity balance
of mine lakes – the balance is only altered if pH values
are very low and close to the acidity constant of HSO4

−

(pKs=1.9) – gypsum precipitation is important for
limiting the mineralization of mine waters and the
sulfate export, which may entail significant environ-
mental problems downstream.

3.2.4. Reductive processes
Mine tailing and dump aquifers may contain organic

electron donors stemming from soil percolates, soil
organic matter, coal, and bituminous materials associ-
ated with the geologic parent material. With the
exception of oxic respiration, the utilization of these
electron donors consumes protons (e.g. Table 1, Eqs.
(33), (34)). Iron reduction further releases ferrous iron,
which entails geochemical consequences downstream.
Sulfate reduction reverses pyrite oxidation if iron
sulfides are formed, and diagenetically transformed to
pyrite. The speciation of precipitating sulfide and the
redox state of the endproduct further influence the net
effect on acidity and proton balances and need to be
considered (see definition, and Eqs. (30)–(32)).

Iron reducing bacteria (IRB) seem comparatively
insensitive to pH (Johnson, 1995; Küsel, 2003), but
sulfate reducing bacteria (SRB) may be limited by low
pH and low availability of electron donors in AMD
polluted aquifers. Investigations documented low most
probable number concentrations (<102 MPN g−1) of
SRB and low sulfate reducing activity in the acidic
zones of tailing and dump aquifers (Benner et al., 2000;
Fortin et al., 1996; Knöller et al., 2004). In reactive
barriers, in which electron donors are abundant and pH
values are elevated, high MPN numbers of up to
108 MPN g−1 were determined (Benner et al., 2000).
MPN counts of SRB and carbon contents of the tailing
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materials were also positively correlated (Benner et al.,
2000). Amending coal dump and ore mine tailing
materials with organic substrates furthermore increased
sulfate reduction rates in batch experiments (Wisotzky,
1998; Karnachuk et al., 2005).

Despite such constraints on sulfate reduction, a
number of studies suggested that this process may
effectively remove acidity from AMD polluted aquifers
by natural attenuation, when the limitation by pH is
eased. Knöller et al. (2004) combined concentration
measurements and 34S and 18O isotope analyses along
the flow path of highly mineralized, but only moderately
acidic (pH 5.2), dump waters into an aquifer. Within a
flow distance of a few hundred meters, sulfate
concentrations in the aquifer decreased from 860 to
40 mg L−1, δ34S values of sulfate in the pore water
increased from −11‰ to 23‰, and δ18O values
increased from about 0‰ to 12‰. The isotopic shifts
indicated that sulfate reduction was at least partly
responsible for the sulfate removal from the groundwa-
ter. Sulfate reducing activity was also reported from
other near-neutral and water saturated lignite dumps
using this approach and corroborated by enumeration of
sulfate reducing bacteria (Hoth et al., 2005). Increase in
groundwater pH>4 coincided with increases in SRB
counts to 5 ·104–106 MPN g−1. Similar results were
reported from shallow layers (0–50 cm depth) of Cu–Zn
ore mine tailings in Canada. Fortin and Beveridge
(1997) and Fortin et al. (2002) documented substantial
quantities of SRB (<103–106 MPN g−1) reaching a
maximum in reduced, pH-neutral layers. The presence
of SRB was further related to the occurrence of iron
sulfides and sulfate consumption. Recently, in such
tailing materials very high rates of sulfate reduction
(100–1000 nmol cm−3 d−1) were determined using 35S
radiotracer techniques (Praharaj and Fortin, 2004).

The nature and origin of the electron donor sources
supporting this activity is of considerable interest but
has hardly been investigated. Fortin et al. (2002)
suggested that bacterial biomass fixed by lithotrophic
iron and sulfur oxidating activity at the oxidation front
was recycled in the reduced zone below. Utilization of
geogenic organic matter may further provide a carbon
and energy source, particularly when weakly coalified
lignite is present. Lignite mostly consists of hydropho-
bic bitumen, insoluble humins, and humic and fulvic
acids (Fakoussa and Hofrichter, 1999). The latter
chemical moieties are accessible to unspecific exoenzy-
matic attack by lignin peroxidases, manganese perox-
idases, laccases, and hydrolases, which produce more
accessible and reactive monomers, and which are partly
fairly stable against degradation (Hofrichter and
Fritsche, 1997; Fakoussa and Hofrichter, 1999). The
enzymes are commonly produced by lignin degrading
fungi and partly also by higher plants (Fakoussa and
Hofrichter, 1999).

In agreement with the possibility of in situ lignite
degradation, Hoth et al. (2005) reported mineralization
of tertiary geogenic carbon in lignite mine dumps based
on 14C dating of CO2 produced in situ. Several
investigations further suggested a mineralization of
geogenic carbon in the unsaturated zone of other coal
mine dumps in the coal fields of Eastern Germany,
where geogenic carbon contents of 0.5–5% commonly
occur (Waschkies and Hüttl, 1999). Carbon mineraliza-
tion rates typically ranged from 20 to 400 μg CO2–C
g−1 d−1 at 20 °C to 25 °C in incubation experiments
(Waschkies and Hüttl, 1999; Rumpel and Kögel-
Knabner, 2002), translating into volume based rates of
about 50 to 1000 nmol cm−3 d−1 (assuming a carbon
content of 3% (weight) and a bulk density of 1 g cm−3).
It can be speculated that geogenic organic matter also
supports iron and sulfate reduction in the saturated zone
of mine dumps and aquifers. The low efficiency of
anaerobic carbon mineralization has to be considered,
though, and transport of exoenzymes with seepage
water into the saturated zone may be required.

In conclusion, little is yet known about the spatial
distribution of reductive processes within mining land-
scapes and with regard to the electron donor sources
supporting anaerobic activity in the subsurface. To
understand natural attenuation of acidity by reductive
processes, studies are needed that quantify iron and
sulfate reduction rates and their environmental, geo-
chemical and biochemical controls within the subsur-
face of polluted watersheds.

3.3. Hydrologic processes

Water and gas fluxes locally sustain the chemical
disequilibrium that drives geochemical and biogeo-
chemical processes in the subsurface of mine lake
watersheds. On the watershed scale, water flow further
constrains the acidity loading to surface waters and
plays a most crucial role in the acidification process. To
mention are groundwater–surface interactions, the
heterogeneity of fluxes in space and time, surface runoff
and erosion, and evaporation from surface waters.

Groundwater–surface water interactions, mostly
seepage of groundwater into surface waters, generally
occurs along lakeshores situated in unconsolidated
deposits (Sebestyen and Schneider, 2004, and references
therein). Rates of inflow ranged from −14.6 to 14.7 L
m−2 d−1 in these studies. This is a similar range as
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reported from a variety of coal mine lakes after rebound
of the local groundwater surface had occurred (Knoll et
al., 1999; Werner et al., 2001; Bozau and Strauch,
2002). Apart from direct acidity loading, inflow rates of
this magnitude may substantially alter sediment pore
water chemistry, lead to the mobilization of iron and
sulphur from sediments, and reinforce acidification
(Blodau, 2004, 2005; Knorr and Blodau, 2006). Any
generalization regarding groundwater–surface water
interactions is, however, difficult owing to the uncer-
tainty about the hydrogeologic properties of aquifers in
mining areas (Younger and Robins, 2002a,b).
Fig. 2. Map of the Plessa watershed in Lusatia,
Relevant with respect to acidity loading is the spatial
differentiation of groundwater inflow. Lake 77, a small
shallow lake located in the Plessa watershed in Lusatia,
Germany (Fig. 2), for example, received an estimated
<2 L m−2 d−1 in the lake center, whereas close to mine
dumps inflow rates were estimated at >10 L m−2 d−1

(Weber, 2000). High inflow rates and ferrous iron
concentrations lead to an estimated acidity loading on
the order of 20–30 mol m−2 yr−1 in the affected lake
area (Blodau, 2005). Similar patterns, flow rates, and
spatial variability have been found in other coal mine
lakes, including seepage from lakes into aquifers (Bozau
Germany. (after Peine, 1998; modified).
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and Strauch, 2002; Werner et al., 2001). Also in streams
polluted by AMD, subsurface inflow was found to be an
important local source of the overall metal load (e.g.
Kimball et al., 2002). To be considered is also the
temporal variation of groundwater inflow that occurs in
lakes among seasons and years (Kenoyer and Anderson,
1989; Sebestyen and Schneider, 2004). Such temporal
variation is exacerbated in mining landscapes, where
groundwater flow reversal may occur with changes in
mining operations and groundwater management, as has
been pointed out by Werner et al. (2001).

The Plessa watershed illustrates some hydrologic
characteristics that affect acidity flow on the watershed
scale (Bozau and Strauch, 2002; Heidenreich et al.,
1999; Knoll et al., 1999; Knöller and Strauch, 2002;
Rolland et al., 2001). As a result of strip mining, lakes
were arranged as chains within the watershed (Fig. 2).
The water and acidity balances of these lakes varies
considerably and systematically along the flow path
(Bozau and Strauch, 2002; Knoll et al., 1999; Knöller et
al., 2004; Weber, 2000). Headwater lakes located
downgradient of mine dumps, such as Lakes 77 and
111, are heavily polluted by AMD and receive most of
their water (>50%) from dump aquifers. Within a few
kilometres distance downstream, the groundwater
contribution to the lakes diminishes and water residence
time decreases. In Lake 116, for instance, which is
located 4 lakes downstream from Lake 77 (Fig. 2), only
an estimated 2.5% of the total water input was
contributed by surrounding dump aquifers and <1%
from the remaining aquifer (Weber, 2000).

The headwater lakes thus receive acidity with a high
iron to proton ratio and larger iron deposits developed on
the lake ground, as a comparison between Lakes 77 and
116 illustrates (Table 3). A similar situation was found
Table 3
Iron fluxes, TRIS formation rates and pore water pH in acidic mine lake sed

Site pH Iron (III)
sedimentation/long-term
deposition

Iron
transf
reacti

77 (S)1 3–3.5 5.5/7.7 5.6
77 (N)1 5–6.5 5.9/5.3 0.27
77 centre3 3–6.5 10.3/3.5 1.9
1162,5 >6 4.9 3.9 0.55
762,6 4–7 1.6 0.54
Ausee5,7 3–3.5 2.0 1.4
Murnersee >6 0.678 0.488

All fluxes are given in mol m−2 yr−1. For the iron (III) transformation fluxes
only been verified for Lake 77 and Ausee. Schwertmannite is generally assum
HCl), goethite in the crystalline fraction (Peine et al., 2000).
1This study, 2Blodau and Peiffer (2003) 3Peine et al. (2000); 4Blodau et al. (2
(1996); 8Röckman, unpublished.
between upstream Ausee and downstream Murnersee
along the Rauberweiher lake chain in northern Bavaria
(Table 3, Peine and Peiffer, 1996, 1998). Downstream,
the proton load increased relative to the iron load, as the
lakes were dominated by the input of surface waters poor
in iron. Such differences in the composition of the
supplied acidity will likely have consequences for in-
lake acidity sinks and sources but systematic investiga-
tions of this issue are lacking to date.

In semi-arid or arid regions, such as the south-
western part of the U.S.A., evapoconcentration has
been identified as a process leading to continued
salinization and acidification (Shevenell et al., 1999).
Surface runoff from mine dumps and tailings and
wave action can lead to acidity loading as well (Abel
et al., 2000; Werner et al., 2001). At a mine lake
located in central Germany, Lake Cospuden, Abel et
al. (2000) estimated erosion of up to 90 kg yr−1 m−2,
causing a total acidity load of 500 keq yr−1 to the
lake. Surface erosion is facilitated by the frequent
hydrophobicity and lack of vegetation on mine dump
and tailing surfaces, which promotes surface runoff
and gully erosion (Biemelt et al., 2005).

3.4. Occurrence and longevity of acidity generation
and acid mine drainage

The occurrence and longevity of AMD in watersheds
has been analyzed based on chemistry of discharging
water over time in sites, areas, and regions (Koryak et
al., 2004; Younger, 1992, 1997), based on geochemical
data obtained during the operation of mines (Morin,
2001), and based on the mineral life-time concept
(Banwart and Malmström, 2001). AMD dynamics
within tailings and aquifers has also been analyzed
iments

(III)
ormation
ve-crystalline

Fe2+

fluxes
Fe (III)
reduction

TRIS
formation

0.97 2.4 0.0047
17.4 1.5 0.035
0.7–3.0 2.5 0.011
1.8 1.8 0.38
0.61 0.050
0.14 0.0019
0.956 0.0477

it has been assumed that reactive iron was initially deposited. This has
ed to be contained in the reactive iron fraction (24 h extraction with 1 M

000); 5Blodau et al. (1998); 6Blodau, unpublished; 7Peine and Peiffer



318 C. Blodau / Science of the Total Environment 369 (2006) 307–332
using reactive transport modelling (Bain et al., 2000;
Gerke et al., 1998; Hoth et al., 2001).

Among these approaches, the mineral-life time
concept is least demanding regarding data input. The
current rates of pyrite, carbonate, and silicate weathering
in a deposit can be estimated from the chemical
composition of discharging water according to Eqs.
(37)–(39), (Appendix), as Banwart and Malmström
(2001) pointed out. The flow of a solute is assigned to a
particular process with a known stoichiometry and used
as tracer for this process. For meaningful application,
the water residence time must be short in comparison to
the time scale of processes and solutes must not
accumulate within the deposit. The life time of a
particular mineral can then be estimated based on the
current flow rate of the tracer ((38), Appendix) and the
available reservoir ((39), Appendix). As the time
dependence of rates is not accounted for, more accurate
estimates require the consideration of a rate limiting
step, such as inner-particle oxygen transfer, or surface
reaction limitations, and its implementation in reactive
transport models (Bain et al., 2000; Wunderly et al.,
1996). For a detailed review of geochemical and
reactive transport modeling the reader may consult
Alpers and Nordstrom (1999).

Based on the application of the outlined approaches,
pyrite reservoirs may persist from decades to many
centuries in surface deposits (Banwart and Malmström,
2001; Blowes and Jambor, 1990; Rolland et al., 2001).
Similar life times were obtained for underground coal
mines (Younger, 1997). In these mines, a pulse of
ferrous iron and sulfate was typically released within the
first 10 to 40 years after closure and flooding.
Subsequently, “juvenile” acidity may be generated
over centuries until sulfide stocks are depleted.

4. Acidity generation and consumption in acidic
mine lakes

The change of water chemistry along a generalized
flow path within watersheds impacted by mining is
illustrated by a collation of studies covering the
chemical composition of dump aquifers, AMD point
sources, and affected creeks and lakes (Fig. 4). The
chemical composition strongly varies between individ-
ual waters, but geochemical trends are visible. Iron
concentrations decreased from an average of 7.5 mmol
L−1 in AMD polluted aquifers to <2 mmol L−1 in point
sources and creeks, and to <1 mmol L−1 in lakes. The
pH decreased by about 2 units comparing dump aquifers
and surface waters. In Fig. 4, sulfate concentrations may
be taken as a proxy for mineralization by pyrite
oxidation, using the rough approximation that sulfate
behaves mostly conservative (Bencala et al., 1987). This
is, of course, not a strictly valid assumption in view of
secondary sulphate mineral precipitation, sulfate reduc-
tion, and sulphate adsorption.

Much of this change in water chemistry can be
attributed to dilution by unpolluted waters and precip-
itation of iron hydroxides in the oxic surface waters.
Once ferrous iron has entered oxygen rich surface
waters, it is oxidized chemically (Singer and Stumm,
1970), or microbially (Noike et al., 1983), and mostly
precipitates in its ferric form (Table 1, Eqs. (8), (11)–
(14); Peine et al., 2000; Regenspurg et al., 2004). The
chemical composition of mine lakes is furthermore
influenced by a combination of redox-, precipitation and
transformation processes of iron and sulfur in the
sediments (Fig. 3), which are also reviewed.

4.1. Processes in surface waters

4.1.1. Ferrous iron oxidation
In running waters, ferrous iron oxidation is often

only completed over some distance downstream from
point sources, allowing for estimates of in situ
oxidation rates (Fillipek et al., 1987; Herlihy et al.,
1990; Hudson-Edwards et al., 1997). Related studies
documented iron oxidation rates ranging from 0.03 mol
L−1 yr−1 to 350 mol L−1 yr−1, with initial ferrous iron
concentrations being 3.9 to 10 mmol L−1 (Foos, 1997;
Kirby and Elder Brady, 1998; Noike et al., 1983).
Downstream of point sources, iron is thus typically
oxidized at similar or higher rates than in mine tailings
and dumps (Table 2).

Much lower iron oxidation rates (0.003 mol L−1

yr−1, recalculated after Peine, 1998) were estimated in
acidic mine lakes (Peine et al., 2000; Regenspurg et al.,
2004). Across a total of 18 lakes, ferrous iron
concentrations were further, with one exception,
<0.1 mmol L−1 in epilimnic waters (Herzsprung et al.,
1998; Regenspurg et al., 2004). Concentrations were
thus at least 1–2 orders of magnitude lower than in the
inflowing ferrous iron rich groundwater (Fig. 4). Iron
oxidation in larger water bodies may thus be limited by
the supply of ferrous iron from the watershed. An
exception might be periods of mixing during autumn
and spring, when ferrous iron and oxygen rich waters
mix (Herzsprung et al., 1998).

The factors influencing ferrous iron oxidation rates
have been addressed in laboratory (e.g. Pesic et al.,
1989; Singer and Stumm, 1970; Sung and Morgan,
1980; Theis and Singer, 1974) and field studies (Barry
et al., 1994; Davison and Seed, 1983; Kirby and Elder



Fig. 3. Schematic of iron cycling at the sediment–water boundary of acidic mine lakes. Controls on iron cycling and proton production and
consumption are shown in italics. For further description see text.
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Brady, 1998; Noike et al., 1983). According to these
studies, chemical and microbially mediated oxidation
rates are a function of pH, partial pressure of oxygen,
and ferrous iron concentrations. A combined rate law
Fig. 4. Total dissolved iron (A, B) and pH (C) vs. sulfate concentrations in m
‘tailings’) of mining environments. Panel B shows median and standard devia
are related by

Groundwater: [Fe]=0.57×[SO4
2−]−4.6 R2: 0.62

Point sources: [Fe]=0.15×[SO4
2−]−0.4 R2: 0.56

Lakes: [Fe]=0.09×[SO4
2−]−0.4 R2: 0.57

The figure thus illustrates the elimination of iron along a “generalized
groundwater and sulfate concentrations shows the decrease in pH with s
were taken from Bigham et al. (1996b), Blodau (2004), Bozau and Strau
(1996), Nixdorf and Kapfer (1998), Nixdorf et al. (1998), Regenspurg et a
Yu et al. (1999).
(Eq. (40), Appendix) adequately described the oxida-
tion process across a variety of shallow ponds used as
acid mine drainage treatment sites (Kirby et al.,
1999).
ining lakes, point sources, and tailings, dumps, and aquifers (labelled
tions for the data presented in panel A. Iron and sulfate concentrations

” flow path in watersheds. In panel C, the regression line between
ulfate concentrations, i.e. stronger pollution by pyrite oxidation. Data
ch (2002), Cairney and Frost (1975), Hoth et al. (2001), Miller et al.
l. (2004), Rolland et al. (2001), Werner et al. (2001), Wisotzky (1998),
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As can also be seen from Eq. (40), Appendix), the
two oxidation mechanisms differ with respect to their
dependency on proton concentrations. Chemical oxida-
tion rates decrease, as the pH is lowered from 7 to 4.5,
and remain constant below pH 4.5. In contrast,
microbial oxidation rates linearly increased with proton
concentrations at pH values of 2.2 to 3 (Pesic et al.,
1989). The rate was independent of H+ concentrations
only below a pH of 2.2. This difference in pH
dependency has two consequences. First, microbially
mediated oxidation may be orders of magnitude faster
than chemical oxidation at pH of 2–4, whereas above
pH 5 the chemical oxidation mechanism should prevail
(Kirby et al., 1999). Second, overall oxidation rates
should be at a minimum at intermediate pH values of
about 4.5 to 5.5. Kirby and Elder Brady (1998) found
this prediction in rough agreement with a collation of
field data.

The importance of microbial mediation for iron
oxidation in surface waters has been confirmed by
several studies. The half-live of ferrous iron in streams
may be as short as 160 min at pH 3.8 (McKnight et al.,
1988), although chemical iron oxidation is slow at pH<5
with a half life of about 200 days (Davison, 1993; Singer
and Stumm, 1970). Below pH 3, rates were 3 and 5
orders of magnitude faster than chemical oxidation rates
(∼1.6 ·10−3 mol L−1 yr−1 with [Fe2+]=1 mmol L−1, p
(O2)=0.2 atm, rate law from Stumm and Morgan
(1996)). In the study by McKnight et al. (1988), a
difference of six orders of magnitude was found. Rates
were still elevated also at higher pH (5.4) (Sulzberger et
al., 1990). In agreement with these observations, a
decrease in iron oxidation rates was found when
mixtures of surface water and sediment samples from a
slightly acidic (pH 5.2) alpine lake were sterilized by
gamma irradiation (Barry et al., 1994).

It should be mentioned that ferric iron is also
photochemically reduced in AMD polluted lakes.
Photoreduction of either solid phase or unspecified
ferric iron was for instance observed in radiation batch
experiments with samples from an acid mine impacted
creek, and with surface water samples from acidic mine
Lake 111 in Lusatia (Friese et al., 2002; Herzsprung et
al., 1998; Hrncir and McKnight, 1998). The presence of
simple organic ligands accelerated photoreduction rates
(Hrncir and McKnight, 1998).

4.1.2. Precipitation of iron
Following oxidation of ferrous iron, a variety of

precipitates may form depending on the geochemical
conditions in the lake water, in particular goethite,
jarosite, ferrihydrite, and schwertmannite (Bigham et al.,
1990, 1996a,b; Peine et al., 2000; Regenspurg et al.,
2004; Table 1). The predominant iron precipitate in
acidic mine lakes is probably the poorly crystalline
oxohydroxysulfate mineral schwertmannite (Fe8O8

(OH)xSOy, 8−x=2y, 1.0<y<1.75), first described by
Bigham et al. (1990). Its formation was found to be
directly linked to the bacterially mediated oxidation of
Fe2+ (Kawano and Tomita, 2001). The thermodynamic
stability constants of the mineral are still debated
(Majzlan et al., 2004). Estimates range from
logKsp=7.09±0.09 to logKsp=18.0±2.5 (Bigham et
al., 1996b; Yu et al., 1999; Kawano and Tomita, 2001).

Schwertmannite is characterized by a tunnel structure
akin to that of akaganéite (β-FeOOH). Instead of
chloride stabilizing the tunnel structure, sulfate shares
its oxygen with iron atoms at the tunnel wall (Bigham et
al., 1990). Optimum conditions for schwertmannite
formation were found to be between pH 2.8 and 3.2
(Bigham et al., 1996b). Jarosite forms at pH<2.5 and in
the presence of K+ (Cravotta et al., 1999; Göttlicher and
Gasharova, 2000; Regenspurg et al., 2004). Ferrihydrite
precipitates at pH>4.5 and lower sulfate concentrations
(Lee et al., 2002; Yu et al., 1999). Mixtures of these
minerals may precipitate in-between stability fields
(Karathanasis and Thompson, 1995; Yu et al., 1999).
Goethite, although the thermodynamically stable phase
at a pH>2 (Bigham et al., 1996b) only occurred in
minor quantities within precipitates (Bigham et al.,
1996a, 1996b; Yu, 1996).

The precipitation of schwertmannite has conse-
quences for the acidity and proton balance of acidic
mine lakes because about 2.6 H+ are released per ferric
iron, depending on the exact stoichiometric composition
of the mineral (Table 1, Eq. (13)). The resulting iron
sedimentation rates in acidic mine lakes ranged from 2
to >10 mol m−2 yr−1 (Table 3; Blodau, 2004, 2005;
Langner, 2004; Peine et al., 2000). Iron sedimentation
rates are thus comparable to pyrite oxidation rates in
dumps of lignite mines (see Section 3.1).

Schwertmannite precipitation rates can be estimated
from ferrous iron loading. Dissolved ferric iron
activities in surface waters were found to be controlled
by solubility equilibrium with schwertmannite (Bigham
et al., 1996b; Regenspurg et al., 2004; Yu et al., 1999).
The crystal growth of schwertmannite should hence be
faster than the supply of ferrous iron and its oxidation.
Not considering seasonal anoxia in the water body
(Bachmann et al., 2001; Herzsprung et al., 1998),
sedimentation and export with discharge are stipulated
by discharge, ferrous iron input, and the iron concen-
tration in equilibrium with the mineral. The partitioning
should hence be a function of the water balance, Ksp and



321C. Blodau / Science of the Total Environment 369 (2006) 307–332
pH, with lower pH increasing the export of ferric iron
with discharge.

4.2. Processes in sediments

4.2.1. Acidity generation from iron transformations
Total iron contents of AMD polluted lake and pond

sediments typically range from 5% to 60% of dry
weight (Bachmann et al., 2001; Blodau et al., 2000;
Lessmann et al., 1999; Meier et al., 2004; Peine and
Peiffer, 1996; Holmström and Öhlander, 2001) and are
thus much higher than in marine and freshwater lake
sediments (typically 1% to 7%, e.g. Canfield et al.,
1993; Cook et al., 1986; Gagnon et al., 1995; Haese et
al., 1997). As outlined above, schwertmannite initially
often predominates in these iron deposits. The mineral
transforms with burial via re-dissolution into goethite
(Bigham et al., 1996a; Regenspurg et al., 2004;
Schwertmann and Carlson, 2005) and its relative
content decreases with burial (Blodau, 2004; Peine et
al., 2000).

Acidity generation from schwertmannite transfor-
mation has been estimated using mineral inventories
and dating, and ranged from 2.4 mol m−2 yr−1 to
3.5 mol m−2 yr−1 in the case study of Lake 77
(Blodau et al., 1998, 2000; Peine et al., 2000; Blodau,
2005). Acidity generation rates of this magnitude are
probably common in other acidic mine lakes (Table 3)
and AMD treatment ponds as well. From sediments in
AMD treatment ponds, Gagliano et al. (2004) reported
transformation rates of 30 μmol cm−3 yr−1. Given the
reported bulk density of 0.4 g cm−3, and a sediment
thickness of 33 cm, rates amounted to 4.0 mol m−2 yr−1.
A number of experimental studies documented that pH
controls schwertmannite transformation rates (Bigham
et al., 1996b; Knorr and Blodau, submitted for publi-
cation; Regenspurg et al., 2004; Schwertmann and
Carlson, 2005). Raising pH from 3 to 5 increased
transformation rates by a factor of 5.8 (±2.1) (Knorr
and Blodau, submitted for publication). Schwertmann
and Carlson (2005) reported a doubling of the
transformation rate, when the pH was increased from
4.0 to 7.2.

Transformation rates are further controlled by
temperature, sulfate, and DOC concentrations in the
pore water. An increase in temperature from 10 to 20 °C
increased transformation by a factor of 3.8 (±1.6)
(Knorr and Blodau, submitted for publication). A
similar effect was reported by Jonsson et al. (2005).
The inhibiting effect of sulfate on transformation rates
was already mentioned by Bigham et al. (1996b). In the
study by Knorr and Blodau (submitted for publication),
sulfate (20 mmol L− 1) and DOC (20 mg L− 1)
concentrations lowered transformation rates by a factor
of 2.5 and 2.4, respectively, compared to an unamended
control. A combination of low pH, high sulfate and
DOC concentrations, and low temperatures thus effec-
tively impedes schwertmannite transformation. Such
results have not been validated by field investigations
yet.

4.2.2. Acidity consumption by reductive processes
Sediment organic matter is utilized by oxic respira-

tion and a number of suboxic processes, including iron
and sulfate reduction. Langner (2004) and Holmström
and Öhlander (1999) documented oxygen penetration
depths of about 1 cm in mining lakes and ponds.
Koschorreck and Tittel (2002) further showed that
benthic photosynthesis is an effective source of oxygen
at the trophogenic sediment–water interface. A substan-
tial fraction of organic matter recently deposited or fixed
in situ should thus be utilized by oxic respiration, in
analogy to conditions in soft water lakes (Furrer and
Wehrli, 1996; Müller et al., 2003). Sulfate and iron
reduction have been documented to occur at substantial
rates, whereas methanogenesis is probably of little
importance (Küsel, personal communication, Blodau,
unpublished data). Studies on denitrification and
manganese reduction in acidic mine lakes do not seem
to have been published yet.

Sulfate reduction rates were determined with the 35S
radiotracer technique (Fossing and Jørgensen, 1989),
and ranged from 0.15 mol m−2 yr−1 to 1.9 mol m−2 yr−1

(Blodau et al., 1998; Blodau and Peiffer, 2003; Gyure et
al., 1990; Meier et al., 2004). In Lake 116 in Lusatia,
higher rates were determined in littoral than in pelagial
sediments (Blodau et al., 1998). Rates were similar as
in freshwater lakes, such as Little Rock and Winter-
green Lake in the north-central U.S. (Smith and Klug,
1981; Urban et al., 1994), in which sulfate reduction is
limited by sulfate availability. Iron reduction rates
ranged from 0.14 to 2.5 mol m−2 yr−1 (Table 3) and
were determined in incubation experiments or derived
from pore water profiles. Proton consumption by iron
and sulfate reduction, therefore, has the potential to
balance proton release from schwertmannite transfor-
mation in highly acidic systems.

Sulfate reduction rates can be considerably higher in
moderately acidic lakes (pH ∼4), such as the reservoir
Lake Anna in Virginia, USA (Herlihy and Mills, 1985).
Sulfate reduction rates reached 82 mol m−2 yr−1

and only 4.9 mol m−2 yr−1 at an unpolluted control
site. These rates by far exceed a maximum of
6.6 mol m− 2 yr− 1 determined in several marine
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sediments (Canfield et al., 1993; Chanton et al., 1987;
Jørgensen, 1997) and document the potential for sulfate
reduction in sediments of AMD polluted lakes. As a
result, reduction removed 50% of the sulfate in the
inflow (490–750 μmol L−1) within a 2 km distance
along the lake and raised the pH in the surface water from
3.9–4.3 to 6.1–6.3 (Herlihy et al., 1987).

Such differences in sulfate reduction activity may
reflect three possible scenarios. In unpolluted lakes,
sulfate reduction is generally limited by sulfate
availability (Ingvorsen et al., 1981; Urban et al.,
1994). In highly acidic mine lakes, sulfate reduction is
carbon limited due to the low productivity of these
waters (see below). In moderately polluted lakes, both
limitations are eased and higher rates are possible.
Results from soft water lake acidification experiments
support this view. There, increases in sulfate concentra-
tions also raised sulfate reduction rates (Schindler et al.,
1986) and sulfur burial in sediments (Urban and Monte,
2001).

The most important constraint on sulfate reduction,
therefore, seems to be electron donor availability,
despite carbon contents reaching 5% to 30% of dry
weight (Blodau et al., 2000). Electron donor addition to
sediment batch and microcosm assays generally en-
hanced reduction rates (Fauville et al., 2004; Frömmi-
chen et al., 2003, 2004; Küsel, 2003; Küsel and Dorsch,
2000). This pattern can be most likely attributed to the
relative recalcitrance of coal derived organic matter and
the small pool of labile, plankton derived material
(Blodau et al., 2000; Laskov et al., 2002; Chabbi et al.,
2006).

Sulfate and iron reduction are further controlled by
temperature and pH. Iron and sulfate reduction rates
accelerated by a factor of 2.0 and 2.6, respectively, in
iron rich and acidic sediments with a 10 °C temperature
increase (Blodau et al., 1998; Meier et al., in press). The
response of both processes to changes in pH strongly
differed, though. Sulphate reduction required pH values
of 4.5–5 and higher to proceed (Peine et al., 2000;
Koschorreck et al., 2002; Blodau and Knorr, in press),
whereas iron reducers isolated and cultivated from
sediments were acidophilic and had a pH optimum of
3.2 (Küsel et al., 1999). Iron reduction rates also
decreased in incubation experiments when pH was
raised from 3 to 6 (Blodau and Gatzek, submitted for
publication). This effect can likely be attributed to
precipitation of dissolved ferric iron at higher pH, which
is preferentially reduced over ferric iron hydroxides
(Straub et al., 2001).

The low availability of electron donors in mining
lakes can be attributed to a lack of carbon fixation and to
slowed decomposition in AMD polluted waters. Terres-
trial litter, which stems for example from acidity tolerant
Phragmites, Typha and Juncus species (Fyson, 2000),
decomposes slowly in the sediments, owing to absence
of shredders, and the formation of iron coatings (Chabbi
and Rumpel, 2004; Nyogi et al., 2002; Siefert and Mutz,
2001). Primary production and deposition of organic
matter are limited by phosphate coprecipitation with
ferric iron and by degassing of dissolved inorganic
carbon (DIC) at low pH (Beulker et al., 2003; Lessmann
et al., 2003; Nixdorf and Kapfer, 1998; Duffek and
Langner, 2002; Kleeberg and Schubert, 2000; Nixdorf et
al., 2001). Primary production is thus spatially restricted
to the benthos, the metalimnion, and the littoral, where
DIC and phosphorus become available (Koschorreck
and Tittel, 2002; Nixdorf et al., 2001; Nixdorf and
Kapfer, 1998). The resulting primary production rates
ranged from 0 and 12.5 mg C m−3 h−1 in three mining
lakes and were far lower than in natural lakes of the
same region (27–230 mg C m−3 h−1; Beulker et al.,
2003; Nixdorf et al., 2003). Similar rates were
determined by Gyure et al. (1987) in coal strip mining
lakes at pH 2.8–3.1. In the sediments, the organic matter
may further be stabilized against microbial attack by an
intense association of organic matter with iron hydro-
xides (Laskov et al., 2002). In marine sediments, this
association reduces microbial availability (Hedges and
Keil, 1995; Hedges and Oades, 1997).

Acidic mine lakes are not unproductive waters under
all circumstances, though. As food webs in acidic mine
lakes are poorly stabilized, mass developments of
phytoplankton can occur when the nutrient constraints
are eased (Woelfl et al., 2002). The concentrations of
grazing zooplankton are low (Deneke, 2000) and the
structure of the food chain is simple (Wollmann et al.,
2000), often consisting only of a few species, in
particular Ochromonas sp. and Chlamydomonas sp.
(Nixdorf et al., 2001; Deneke, 2000; Nixdorf and
Deneke, 2004). Owing to these characteristics and
uncertainty about phosphorus dynamics (Kleeberg and
Grüneberg, 2005), primary production and organic
matter sedimentation may be highly volatile and
difficult to predict for different geochemical conditions
in the lake water.

4.2.3. Iron sulfide formation and acidity sequestration
Acidity is only sequestered by iron and sulfate

reducing activity in sediments if reduced species are
buried. This is often not the case, as the collation of iron
reduction rates, iron fluxes, and total reduced inorganic
sulfur (TRIS) formation rates in Table 3 shows. In most
cases, TRIS formation and acidity sequestration rates
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were one to two orders smaller than rates of iron and
sulfate reduction (Blodau, 2005; Peine et al., 2000). One
reason for the inefficient sequestration is a common
predominance of iron reduction close to the sediment
water interface, where electron donors are rapidly
consumed (Blodau and Peiffer, 2003; Blodau et al.,
2000). From there, ferrous iron mostly re-enters the
surface waters, as shown in Fig. 3, and is partly oxidized
at the sediment–water interface (Meier et al., 2004). The
retention of ferrous iron by carbonate formation (at
pH>∼5), or unspecific adsorption, avoids proton
generation in the lake water and may be quantitatively
more important (Blodau, 2004). However, burial still
remained far smaller than proton generation in the
investigated case studies.

A more effective sequestration of acidity can be
expected under certain conditions. First, iron and sulfate
must be reduced concurrently or in close vicinity.
Second, the precipitation of iron sulfides must be fast
compared to the oxidation of hydrogen sulfide with iron
oxides (Peiffer, 1994; Peiffer et al., 1992), as the later
process “competes” for the produced hydrogensulfide.

Conducive for the development of an iron sulfide
forming regime is the formation of sediments dominated
by goethite and a near-neutral pH (Peine et al., 2000;
Blodau, 2004; Meier et al., 2004). This observation can
be interpreted within a thermodynamic framework.
Under such conditions, iron reduction loses in thermo-
dynamic competitiveness relative to sulfate reduction,
and the available energy for sulfide oxidation to sulfate
with ferric iron as electron acceptor decreases. These
factors potentially strengthen sulfate reducers and
facilitate precipitation (Blodau and Peiffer, 2003). A
pore water pH value of about 4.5 to 5 seems to be a
critical threshold for iron sulfide accumulation to occur.
Several published studies are in agreement with this
simple concept (Blodau and Knorr, in press; Küsel et al.,
2001; Koschorreck et al., 2002; Peine et al., 2000;
Wendt-Potthoff et al., 2002), and iron sulfide accumu-
lation in pH-circumneutral sediments of Lake 116 in
Lusatia provides a good example (Table 3). High rates
of sulfate reduction and iron sulfide formation have also
been reported from the pH-circumneutral, AMD-
polluted sediments of Lake Anna, Virginia (Herlihy et
al., 1988).

The effect of pH and other potential controls on the
oxidation rate of sulfides with ferric iron hydroxides
has experimentally not been firmly established in
sediments of AMD polluted lakes yet. Currently, only
incidental observations from batch and lake enclosure
experiments suggest that high pH values discourage
sulfide oxidation with ferric iron hydroxides (Küsel et
al., 2001; Wendt-Potthoff et al., 2002). It should also
be noted that iron sulfide formation may only be
controlled by pH and thermodynamic factors in iron
rich and carbon limited sediments. In other environ-
ments, sulfate reduction can be a viable process at pH
3 (Christensen et al., 1996; Elliot et al., 1998;
Koschorreck et al., 2003). Surface area, surface
properties, and passivation of ferric iron hydroxides
may also be more important controls on reduction
rates than thermodynamic constraints (e.g. Roden,
2003; Roden and Urrutia, 2002).

A further complication arises from a possible lack of
competition between iron and sulfate reducing bacteria
due to different electron donor requirements (Küsel,
2003). Iron reducers were capable of utilizing more
complex organic molecules than fermentation products,
such as short chain fatty acids and alcohols, and did not
utilize acetic acid under acidic conditions (Küsel, 2003;
Küsel and Dorsch, 2000). Inhibition of fermenting
activity by low pH, or a successful competition of iron
reducers with fermenters for more complex molecules,
such as sugars, may thus contribute to the absence of
sulfate reduction, and the lack of iron sulfide formation
at low pH.

The time scale necessary to establish iron sulfide
forming conditions are apparently on the order of a few
weeks to months and mainly depend on the provision of
electron donors to the sediments (Frömmichen et al.,
2004; Fyson et al., 1998; Herzsprung et al., 2002;
Koschorreck et al., 2002; Wendt-Potthoff et al., 2002).
A depletion of electron donors resulted in a re-
establishment of pH 3 and iron reducing conditions
within similar time periods (Wendt-Potthoff et al.,
2002). The microbial communities involved are,
therefore, able to adapt to changing geochemical
conditions in the sediments fairly rapidly. This is no
surprise, as generally genera are present that are capable
of various terminal electron accepting processes (Küsel,
2003). Sulfide accumulating conditions can rapidly
establish also in newly deposited, acidic, iron rich
sediments (pH 3.4) on the time scale of weeks (Bell et
al., 1990). After a classical redox sequence had been
completed, a sulfate reducing, pH 5 circumneutral
regime was attained in this field study.

4.2.4. Potential system dynamics of acidity generation
and consumption

The constraints on the internal iron and sulfur cycle
have implications for the long-term development of
acidic mine lakes, and for the success of remediation
measures, e.g. by increases in carbon deposition to the
sediments (Koschorreck et al., 2002; Wendt-Potthoff et
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al., 2002). Enhanced carbon deposition would increase
sequestration of acidity if iron reduction became iron
limited and, consequently, sulfate reduction proceeded
even at low pH (Koschorreck et al., 2003). A similar
effect would ensue if proton consumption by iron
reduction exceeded proton release from schwertman-
nite transformation, and sulfate reduction was initiated
with increasing pH (Blodau and Knorr, in press).
However, negative feedbacks on acidity consumption
are likely because the transformation of metastable iron
(hydr)oxysulfates to goethite accelerates with rising pH
in the sediments, and because increasing export of
ferrous iron from the sediments implies increased
sedimentation of the metastable precipitates. An
“internal acidity loading” phenomenon, well known
from phosphorus and the eutrophication debate, would
be the result.

Previous enclosure experiments support this view.
A short term pulse of 11.8 kg m−2 organic/inorganic
carbon (“Carbokalk”) initiated sulfate reduction in
sediments of highly acidic Lake 111, Lusatia, but
most of the carbon was used in iron reduction
(Wendt-Potthoff et al., 2002). Most of the ferrous
iron entered the water column and was oxidized to
ferric iron and precipitated. Furthermore, carbon
additions also led to disintegration of jarosite
Fig. 5. Schematic of potentially important feedback loops in the biogeochem
correlation. For further description see text.
(Göttlicher and Gasharova, 2000) and reprecipitation
of goethite (Herzsprung et al., 2002). Owing to this
process pattern, in-lake neutralization proved difficult
to stimulate.

Two feedback loops may diminish in-lake acidifi-
cation and enhance neutralization, though (Fig. 5). If
iron input into a lake decreased and less schwertman-
nite was deposited, less would also be transformed.
With rising sediment pH, more iron sulfides would be
formed. The related sequestration of acidity could
further raise the pH in the surface waters, and may at
some point suffice to impede schwertmannite deposi-
tion when the pH reaches values >4.5. This change
would encourage sulfate reduction in the sediments, as
the schwertmannite reservoir was subsequently deplet-
ed. The development of a sulfidic sediment, such as in
Lake Anna, Virginia (Herlihy et al., 1987, 1988) seems
possible. If this development was initiated and pH in
the lake water increased, primary production and
sedimentation of organic matter might also increase,
as less of the limiting nutrient, phosphate, was co-
precipitated (Fig. 5). Increasing organic matter sedi-
mentation would enhance proton consumption in the
sediments, resulting in a further pH increase in the
surface waters. While these positive feedback loops on
in-lake neutralization represent an intriguing concept,
ical system “mine lake”. (+) signs indicate positive, (−) signs negative
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the critical iron loads that would allow for such a
dynamics are unknown.

5. Summary and outlook

We have made considerable progress regarding rates
and mechanisms of acidity generation and consumption
in acidic mine lakes and their watersheds. In most
general terms, the review suggests that several of the
involved processes, such as pyrite oxidation and
carbonate weathering in the watershed, and ferrous
iron oxidation and iron(hydro)xide precipitation in
lakes, may occur at similar rates. A mineralization of
the affected waters seems inevitable; but a strong
acidification primarily occurs where imbalances be-
tween proton production and consumption develop.
This is often the case in silicate dominated aquifers and
in lakes heavily loaded with ferrous iron. There,
neutralization often cannot compensate proton release.
Acidity dynamics is thus controlled externally by the
fluxes of oxidants and reductants into individual
compartments and internally by the kinetics of
processing oxidants and reductants. The pH is arguably
the most effective ‘internal’ mastervariable on kinetics
and causes characteristic biogeochemical process
patterns within these compartments. In contrast to the
outlined progress on mechanisms, rates, and controls,
we still know little about spatial distribution patterns of
acidity sources and sinks on the watershed scale, and
about the temporal dynamics of acidity generation and
consumption. Without further progress on these issues,
it will remain difficult to predict the future of acidic
mine lakes.

To make this progress, we will likely have to
reframe scientific strategy, which has focussed on
disciplinary research, individual compartments, and on
a reductionistic approach. To enter a new phase of
research on AMD related acidification of lakes, we
need to focus more strongly on material flow within
larger watersheds, and on natural attenuation by
reductive processes within the landscape. The review
revealed, for example, that little is known about the
consumption of acidity by iron sulfide formation in
aquifers and riparian zones. If material flow of the
decisive elements, iron, sulfur, and carbon, within and
between landscape units was quantitatively better
understood, we would gain a more thorough under-
standing where organic matter availability leads to
effective acidity sequestration. If effective acidity sinks
along hydrologic flow paths were identified more
precisely, the scientific basis for efficient remediation
could further be improved.
Such a strategy needs to be complemented by a
focus on the biogeochemical system dynamics within
lakes. Currently we know little about the chemical
controls on some critical processes, such as primary
production, organic matter sedimentation and phos-
phate co-precipitation. The controls on the kinetics of
proton release from accumulated ‘proton reservoirs’,
for example in form of schwertmannite, are also
insufficiently understood. The response of these
processes to changes in iron, proton, and sulfur
loading will to a large degree determine whether-
and on what time scale-attenuation of acidity will
eventually proceed. More research on these issues is
thus needed. Equally important will be a strategy
focussing on the interaction of the various processes
involved in acidity generation and consumption over
time. To these ends, dynamic mathematical models
have to be developed that ease the assumption of
thermodynamic equilibrium where appropriate, and
that are capable of capturing the critical biogeochem-
ical structures, processes, and mass balances without
being burdened by excessive detail. To calibrate and
validate such models, observation of lake ecosystems
in transition between acidic and neutral states is
required. Ecosystem experiments, using either enclo-
sures or whole lakes, will further be instrumental for
identifying the dynamic regulation of acidity genera-
tion and consumption.
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Appendix A

r ¼ kBaðHþ; surface�n ð35Þ
and n being a temperature dependent factor and H+

hydrogen ion activity adjacent to the mineral surface.
(Gautelier et al., 1999).

Ra

gamBas
¼ aB10�

Ea
R

1
Ta� 1

Tb

� �
B10nðpHa�pHbÞB

Xa
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xa;ika;i
kb

Bkb

ð36Þ
with α: mobile fraction of pore water; Ra: weathering rate
in column or field; γm

a : mineral content; as: total specific
surface area; Ea: activation energy; R: gas constant; T:
absolute temperature; n: reaction order with respect to
protons; xa,i: particle size fraction associatedwith reaction,
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ka,i: rate coefficient of particle size class i at column or
field scale (a); kb: rate coefficient at batch sale (b).

Fc ¼
X

i
Fw;iCc;i �

X
i
Fw;jCc;j ð37Þ

with Fc: flow of the contaminant, Fw: flow of water; Cc:
contaminant concentration; i and j denote flows from and
to the deposit.

Rw;M ¼ Ft;M

gt;M
ð38Þ

with Rw,M: weathering rate of mineral (M); Ft,M: flow of
tracer (t) specific to mineral (M); çt,m: stoichiometric
coefficient for tracer (t).

NM ¼ ABHBgM Bd
Mw;M

¼ ABHBdBxi
nt;M BMw;t

ð39Þ

with NM: mineral content in deposit; A: areal extent of the
deposit; H: height of the deposit; γM: volume fraction of
mineral (M); δ: density of the rock, sediment, or ore;
Mw,m: molecular weight of mineral (M); Mw,t: molecular
weight of tracer (t), xt: mass fraction of tracer (t); nt,M:
stoichiometric coefficient of tracer (t) in mineral (M).

d½Fe2þ�
dt

¼ � kabioticB½Fe2þ�½O2�
½Hþ�2

� kbioBcbactB½Fe2þ�½O2�½Hþ� ð40Þ

with: kabiotic: rate constant of abiotic ferrous iron
oxidation, kbiotic: biotic rate constant associated with
Thiobacillus ferrooxidans; cbact: concentration of Thio-
bacillus ferrooxidans.
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